Adelges tsugae Annand (hemlock woolly adelgid, HWA, an invasive insect native to Japan), which causes defoliation and death of Tsuga canadensis (L.) Carrière (eastern hemlock), was introduced to the United States in the early 1950s and has spread throughout much of the range of T. canadensis causing widespread mortality. In 2016 and 2017, we resampled long-term vegetation monitoring plots across five forest types (ecogroups) within Great Smoky Mountains National Park that contained T. canadensis in 2003 (prior to the spread of HWA within the park) to examine changes in the species composition and diversity of the regeneration layer. We hypothesized that compositional changes in the seedling and sapling strata would be driven primarily by the pre-HWA importance value of T. canadensis and relative dominance of Rhododendron maximum L. (rosebay rhododendron), and that species diversity metrics would differ across year depending on ecogroup and the relative dominance of R. maximum. Non-metric multi-dimensional scaling (NMDS) revealed that the seedling and sapling strata of plots with greater pre-HWA importance of T. canadensis and lower basal area of R. maximum generally exhibited greater compositional change between 2003 and 2017. Topo-edaphic variables were also significant in both NMDS ordinations and were associated with the distribution of multiple hardwood species. Species richness, evenness, and Shannon-Wiener diversity varied with strata following the loss of T. canadensis, with the degree and direction of change varying with the dominance of R. maximum.
Introduction
With increased globalization and movement of material, humans have aided the invasion of forests by non-native pests and pathogens [1] [2] [3] that contribute to biodiversity loss [4] by altering ecosystem structure and function [5] [6] [7] . Over 450 non-native forest insects have been detected in the United States since 1635, sixteen of which are considered high-impact due to regulatory significance or documented negative effects on forest trees [6] . Invasive insects have both direct and indirect effects [7] [8] [9] that range in scale from the defoliation and death of individual trees, to long-term changes in forest composition, structure, productivity, and nutrient cycling that may cascade throughout the ecosystem [8, 9] . In eastern North America, contemporary forests reflect a long and tragic history of non-native insects and pathogens functionally eliminating foundation tree species. The archetype example, Castanea dentata (Marshall) Borkh. (American chestnut), was the dominant tree species in the Appalachian Mountains prior to the introduction of the chestnut blight in the late 1800s, which led to its functional extinction [6] . Soon after the loss of C. dentata in the southern Appalachians, canopy gaps were filled by co-dominant species such as Quercus prinus L. (chestnut oak), Quercus rubra L. (northern red oak), and Acer rubrum L. (red maple) on dryer sites, and Tsuga canadensis (L.) Carrière and Halesia tetraptera Ellis (mountain silverbell) on more mesic sites [10, 11] . By the late 1950s in Great Smoky Mountains National Park, approximately 30 years after C. dentata trees began to die, 41% of the resulting gaps were filled by Quercus spp. [11] . Similar results were observed elsewhere in the central and southern Appalachians [12] . However, as predicted by Keever [12] , Carya spp. Nutt. (hickory species) became a co-dominant in some parts of the southern Appalachians by the late 1960s and early 1970s [10] . The relative importance of various Quercus and Carya species varied with elevation [11] , suggesting that edaphic conditions played an important role in shaping forests following the loss of C. dentata [10] .
Currently, eastern forests are facing the loss of yet another foundation species as T. canadensis is disappearing throughout much of its range due to the introduction of Adelges tsugae Annand (hemlock woolly adelgid; HWA), a host-specific and highly virulent invasive insect [6, 8] . Similar to the chestnut blight, HWA eliminates T. canadensis from forests over a relatively short time scale [11, 13] , rapidly changing the microclimate of the forest floor and creating growing space across multiple strata. Under similar conditions, Woods and Shanks [11] identified three processes responsible for the replacement of C. dentata in forest overstories: closure of the canopy by adjacent dominant or co-dominant trees, growth of existing saplings, and establishment and growth of seedlings. It remains to be seen, however, the degree to which these processes are affecting the composition of forests in the southern Appalachians following the loss of T. canadensis.
HWA was introduced to the eastern United States in the 1950s in Richmond, Virginia [14] . The insect feeds on the xylem ray parenchyma cells, depleting stored nutrients within the tree. The stress that results from depleted nutrient stores and toxins in HWA salivary secretions causes severe defoliation and eventual death of infested trees [15] . Mortality can occur in as little as four years; however, trees may survive longer under favorable conditions such as low winter temperatures, which reduces the density of HWA populations, and adequate summer water availability, which improves tree vigor [13, 16] .
Tsuga canadensis typically grows in cool, humid habitats extending from the southern Appalachian Mountains to the Great Lakes and into Canada. In the southern Appalachians, the species is typically found in mixed stands on slopes and in drainages at elevations between 610 and 1520 m, often with a dense understory of R. maximum [6, 17] . Following the functional loss of C. dentata and decades of fire suppression, T. canadensis expanded its distribution within forests of the southern Appalachians and became a dominant species in the understories of oak-hickory forests [18, 19] . As a foundation species, loss of T. canadensis as a result of HWA will likely result in significant short and long-term changes in eastern forests [6, 8, 20] .
In the northeastern United States, where T. canadensis typically occurs in pure stands [6, 16, [21] [22] [23] [24] , HWA-induced mortality of T. canadensis has resulted in increased density of early-mid seral hardwood species such as Betula lenta L. (black birch), A. rubrum (red maple), Prunus serotina Ehrh. (black cherry) and Quercus spp. (oak species; [23, 24] ). Increased subcanopy tree and seedling density have also been observed, as well as increased species richness and abundance of invasive plants [21, [23] [24] [25] .
HWA was first identified in Great Smoky Mountain National Park (GSMNP) in 2002 and by 2006 had spread to all watersheds within the park [26] . Early mortality of T. canadensis (five-to-six years after HWA arrived) was greater in the understory than in the overstory, representing a bottom-up elimination of the species [27] . Overall, T. canadensis decline did not differ among ecogroups (a mesoscale classification unit consisting of multiple vegetation associations); however, overstory T. canadensis trees fared worse in floodplain forests compared to other ecogroups [27] . Within the central Appalachians, modeling of HWA-induced mortality predicted that within 20 years of infestation, hemlock-dominated forests will cease to exist and less than two percent of the initial living T. canadensis basal area (BA) will remain [28] .
Beyond the decline of T. canadensis, no significant changes in forest composition were identified five-to-six years after infestation in GSMNP [27] . In addition to the short time span after the arrival of HWA, the lack of significant community change may have resulted from high R. maximum cover continuing to shade the forest floor and sequester soil nutrients after the mortality of T. canadensis [29, 30] . Rhododendron maximum cover increased in the southern Appalachians in the 1930s following the loss of C. dentata [19, 31] , and in the contemporary forest following HWA-induced mortality in the region [30] . Tsuga canadensis, however, is widely distributed in southern Appalachians, and some forests have experienced increased growth of co-occurring hardwood species, particularly in areas without heavy cover of R. maximum [30] .
The infestation of HWA in the southern Appalachians is well into its second decade and near complete mortality of T. canadensis has been observed, with the exception of a limited number of trees that have been chemically treated. As forests react to this loss of a foundation species, long-term plot data can begin to elucidate changes in forest composition and structure across the range of forest types in which T. canadensis historically occurred. Examining these changes across multiple strata of woody vegetation distributed across multiple topo-edaphic gradients allows the prediction of future successional development.
In order to understand how HWA-induced mortality of T. canadensis has affected forests of the southern Appalachian Mountains, we examined how the composition and diversity of woody vegetation strata have changed across different forest ecogroups. We used a data set garnered from a network of plots distributed across the eastern half of Great Smoky Mountains National Park ( Figure 1 ) prior to T. canadensis mortality and sampled over a 14-year period after infestation and mortality. These data allowed us to examine over a decade of changes in vegetation communities across a wide range of environmental conditions. As such, our study provided a valuable assessment of long-term change in forests across a complex landscape in response to exogenous disturbance resulting from a highly destructive non-native insect.
We elucidated how environmental gradients (based on topo-edaphic variables) are related to community composition and how these gradients influenced changes in woody regeneration following the loss of T. canadensis. We hypothesized that changes in the composition of the seedling and sapling strata were driven primarily by the pre-HWA importance value of T. canadensis and relative dominance of R. maximum. We further hypothesized that the distribution of individual species will be influenced by topo-edaphic variables on sites with lower dominance of R. maximum, and heavy dominance of R. maximum will reduce the influence of these variables. Finally, we hypothesized that species diversity metrics will differ between years and across ecogroups following the loss of T. canadensis based upon the dominance of R. maximum. Understanding these changes will provide valuable information about how the post-HWA development of these forests may diverge across environmental and structural gradients. This information will help guide the assessment of future threats to forests resulting from non-native insects and pathogens.
Methods

Study Area
Located in the southern Appalachian Mountains of eastern Tennessee and western North Carolina (Figure 1 ), Great Smoky Mountain National Park (GSMNP) is home to a diverse assemblage of plant species and is an internationally renowned center of biodiversity [32] . In response to widespread logging in the southern Appalachians, the Park was established in 1934 to protect remaining primary forest, which comprises 20% of the park's 212,000 ha [32] . Today, GSMNP is the most visited National Park in the United States. Elevation within the park ranges from 267 to 2025 m and terrain is generally rugged [32] . Annual precipitation is elevation dependent and ranges from 140 to 200 cm per year [31] . Parent material is primarily composed of metamorphic sandstone, quarzites, and slates, with smaller pockets of limestone [32] [33] [34] . Over 1300 native plant species are found within the park, comprising 79 distinct plant communities [32, 35] , which can be grouped into 11 broader ecogroups based on species composition, landscape position, and shared management issues [32, 35] . Prior to HWA infestation, T. canadensis occurred across a wide variety of forest ecogroups within the park and was dominant or co-dominant in four ecogroups (Montane Alluvial Forests, Cove Forests, Hemlock Forests, and Spruce-fir Forests). GSMNP was home to stands containing some of the oldest and largest T. canadensis trees in eastern North America [32, 34, 36] , however, living T. canadensis trees today are primarily limited to conservation areas such as old growth forest, as well as highly visited areas in the front country, road sides, and backcountry campgrounds [26, 37, 38] where trees have been treated with the neonicotinoid imidacloprid, a systemic insecticide. In addition, two predatory beetles (Sasajscymnus spp. and Laricobius spp.) have been released as biocontrol agents, but have yet to slow the advance of HWA.
Vegetation Sampling
Data were collected from vegetation monitoring plots that were established as part of the National Park Service Inventory and Monitoring Program using a clustered stratified random sampling design [39] . In 2016 and 2017, we resampled plots established in five ecogroups [34] : acid hardwood forest (n = 3), hemlock forest (n = 5), montane cove forest (n = 13), montane oak-hickory forest (n = 3), and northern hardwood forest (n = 6). In 2016/2017, we also resampled three plots located in floodplain and montane cove ecogroup forests that had been treated with the insecticide imidacloprid. These plots contained healthy T. canadensis trees and were placed in the "treated" category for analysis. A total of 33 plots were resampled in 2016 and 2017. All plots were established and initially sampled in 2003 prior to widespread HWA infestation and were resampled in both 2008/2009 and 2016/2107 [27] [28] [29] . During the 2008/2009 sampling, HWA was observed on all plots [27] . Data collected during the 2003 and 2016/2017 sample dates were used for analysis. Because only two plots were sampled in 2016 (vs. 31 in 2017), henceforth we refer to the most recent resampling as "2017".
Data collection followed the Great Smoky Mountain National Park Vegetation Monitoring Protocol [39] . Each 0.1 ha (20 m × 50 m) plot was divided into ten 100 m 2 modules. Woody vegetation was sampled in three strata: overstory trees, saplings, and seedlings. Across all modules, overstory trees (>1.4 m in height and ≥10 cm DBH) were identified to species and measured for diameter at Over 1300 native plant species are found within the park, comprising 79 distinct plant communities [32, 35] , which can be grouped into 11 broader ecogroups based on species composition, landscape position, and shared management issues [32, 35] . Prior to HWA infestation, T. canadensis occurred across a wide variety of forest ecogroups within the park and was dominant or co-dominant in four ecogroups (Montane Alluvial Forests, Cove Forests, Hemlock Forests, and Spruce-fir Forests). GSMNP was home to stands containing some of the oldest and largest T. canadensis trees in eastern North America [32, 34, 36] , however, living T. canadensis trees today are primarily limited to conservation areas such as old growth forest, as well as highly visited areas in the front country, road sides, and backcountry campgrounds [26, 37, 38] where trees have been treated with the neonicotinoid imidacloprid, a systemic insecticide. In addition, two predatory beetles (Sasajscymnus spp. and Laricobius spp.) have been released as biocontrol agents, but have yet to slow the advance of HWA.
Data collection followed the Great Smoky Mountain National Park Vegetation Monitoring
Protocol [39] . Each 0.1 ha (20 m × 50 m) plot was divided into ten 100 m 2 modules. Woody vegetation was sampled in three strata: overstory trees, saplings, and seedlings. Across all modules, overstory trees (>1.4 m in height and ≥10 cm DBH) were identified to species and measured for diameter at breast height (DBH; 1.4 m). Saplings (woody stems ≥ 1.4 m in height, but <10 cm DBH) were tallied across all ten modules by species into four size classes (0-0.9 cm DBH, 1.0-2.4 cm DBH, 2.5-4.9 cm DBH, 5.0-9.9 cm DBH). When high density of woody stems prohibited the sampling of all ten modules, tallies were performed in three to five randomly selected modules. Seedlings (woody stems < 1.4 m in height) were tallied by species within 10 m 2 subplots nested within four modules in a 2 × 2 arrangement [39] .
Soil samples were collected to a depth of approximately 10 cm from the center of every other module, resulting in five samples per plot. These five samples were pooled into a single plot-level sample for testing. Samples were stored in a freezer until they were sent to Waypoint Analytical, Memphis, TN, USA (formerly known as A&L Analytical Laboratories, Inc., Memphis, TN, USA) following collection in both 2003 and 2017. Soil samples were analyzed for cation exchange capacity (CEC), pH, and the concentration of potassium (K), calcium (Ca), phosphorus (P), and magnesium (Mg) using Mehlich III extracting solution [40] . Soil organic matter (OM) was determined using the loss on ignition technique.
Data Preparation
We calculated the relative densities of seedlings and saplings by species (RD = density of species i/density of all species) and the importance value of overstory trees by species [IV = (relative density + relative basal area)/2) × 100] for each ecogroup for both 2003 and 2017. To quantify changes in overstory structure, we calculated total stand basal area (m 2 /ha) for each ecogroup in both 2003 and 2017. Species richness (S), Shannon-Wiener Diversity (H ), and species evenness (E) were calculated for both the seedling and sapling strata [41] . Prior to analyses, all data were examined for assumptions of normality by examining the distribution of residuals using normal QQ plots and using the Shapiro-Wilk test of normality, and equal variance by examining residual plots. These analyses were done using the packages "stats" and "graphics" in R [42] . All data meet assumptions, with the exception of seedling E, which varied slightly from a normal distribution. Squaring E improved the distribution, but did not affect the results of the analysis; therefore, we used the untransformed data in the analysis.
Aspect and slope were used to calculate the total potential incident radiation (RAD) for each plot by accounting for the varying effect of aspect at different slopes [43] : ln(RAD) = -1.236 + 1.350 cos(L) × cos(S) − 1.376cos(A) × sin(S) × sin(L) − 0.331 sin(L) × sin(S) + 0.375sin(A) × sin(S); where RAD is potential direct incident radiation, S is slope, L is latitude, and A is folded aspect (A = 180 − |Aspect − 225|). Slope, latitude, and folded aspect were all transformed to radians prior to calculations.
Statistical Analysis
Changes in Overstory Basal Area
To quantify changes in overstory structure, we compared total stand basal area between 2003 and 2017 with a general linear mixed model using the R packages "lme4" and "lmerTest" [44] [45] [46] . Ecogroup and sampling year were treated as fully crossed fixed factors and plot was included as a random factor to account for the lack of independence due to the repeated measures design of the study [46] . The interaction term between year and ecogroup was not included due to lack of significant difference in AIC values. We, therefore, selected the more parsimonious model. Treated plots were excluded from this analysis, but changes in basal area on treated plots are presented for comparison (Table 1) . 
Changes in Species Composition
We used non-metric multidimensional scaling (NMDS) of relative density data to examine changes in species composition across environmental gradients within the seedling and sapling strata. Analyses were conducted with the metaMDS procedure in the VEGAN package for community ecology using the Bray-Curtis dissimilarity matrix [47] . Data were transformed using square root and Wisconsin double standardization to increase the influence of rare species in differentiating between plots, and species with fewer than three occurrences across all plots in both 2003 and 2017 were excluded from analysis. The ordination procedure used random starting points to find convergent solutions. A maximum of 100 iterations were permitted. Stress of the ordination was used to determine the number of axes in the final solution. Monte Carlo randomization procedure was used to assess if the axes produced were stronger than expected by chance [41] . NMDS ordinations were performed on 99 data sets in which species values had been randomized. P-values were calculated as the proportion of runs for which the stress resulting from the randomized ordination was less than the observed stress. For all ordinations, the p-value indicated that the axes produced were stronger than expected by chance.
To examine correlations with environmental variables, we used the ENVFIT procedure in the VEGAN package [47] . This function allowed us to fit environmental vectors and mean factor values (mean ordination scores for categorical variables) onto the resulting NMDS ordination scores derived for individual points (plots) and determine correlations with the ordination. The projections of points onto vectors have maximum correlation with corresponding environmental variables, and the factors show the averages of factor levels. Significance of the correlations was assessed through permutation tests [47] with α = 0.05. Environmental variables with p < 0.1 were displayed in the ordination figures. Total RAD, CEC, pH, OM, concentration (ppm) of P, Ca, K, and Mg, elevation, slope, and pre-HWA T. canadensis IV were used in analysis across both woody vegetation strata. For the seedling strata the BA of R. maximum in 2003, sapling density (all species combined), and Rubus spp. L. (blackberry) percent cover were also included as environmental variables. Ecogroup was also included as a factor and fit to both ordinations.
Changes in Species Diversity
Changes in species richness, evenness, and diversity following HWA infestation and subsequent T. canadensis mortality were analyzed across the seedling and sapling strata with general linear mixed models using the R packages "lme4" and "lmerTest" [44] [45] [46] . Ecogroup and sampling year were treated as fully crossed fixed factors and R. maximum BA was also included in the analysis as a linear covariate in both the seedling and sapling strata analyses when analysis indicted that the inclusion of this factor significantly lowered the AIC value. If there was no significant difference between model AIC values, we selected the more parsimonious model. When the covariate was included, if initial analysis indicated that a significant interaction existed with R. maximum BA, the covariate was crossed with ecogroup and year. Plot was included as a random factor to account for the lack of independence due to the repeated measures design of the study [46] . If a significant difference (α = 0.05) was detected among ecogroups or year, post-hoc Tukey tests (α = 0.05) were performed to determine differences between ecogroups and year using the "lsmeans" package in R [48] . All numerical variables were standardized prior to analysis.
Results
Overstory Basal Area and Species Importance
Overstory basal area declined between years across ecogroups (F = 6.87, p = 0.014; Table 1) , ranging from no change in acid cove forests to a 24% decline in montane oak-hickory forests (35.4 ± 6.0 m 2 ha −1 in 2003 to 27.0 ± 4.8 m 2 ha −1 in 2017). Changes in basal area did not differ significantly with ecogroup (F = 0.14, p = 0.97). The IV of T. canadensis in 2003 varied across ecogroups, ranging from 4.7 ± 2.1 in acid hardwood forest to 33.9 ± 11.2 in hemlock forests (Figure 2a ; Table 2 ). As expected, mortality from HWA greatly reduced the importance of T. canadensis in the overstory (Figure 2a) , with reductions ranging from 70% in acid hardwood forests (4.7 ± 1.4 in 2003 to 1.4 ± 1.1 in 2017) to 96% in montane cove forests (23.2 ± 3.5 to 0.9 ± 0.7). Across ecogroups, no single species increased greatly in IV with the decline in T. canadensis IV. Rather, a suite of hardwood species, including Betula alleghaniensis Britton (yellow birch), B. lenta, Magnolia fraseri Walter (Fraser magnolia) and A. rubrum displayed increased importance with the loss of T. canadensis ( Table 2) .
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Species
Acid The majority of seedling species were positively associated with RAD and pre-HWA T. canadensis IV and negatively associated with R. maximum BA and total sapling density (Figure 3a (Figure 3a ). Within ecogroups, changes in seedling species composition between sampling dates did not exhibit clear trends in the ordination, nor did ecogroups exhibit significant correlations with seedling composition (R 2 = 0.13, p = 0.074; Figure 3b , Table 3 ). Generally, we did not observe a clear relationship between declines in T. canadensis IV and change in composition (Figure 3c ). However, we did observe less compositional change on plots with a greater basal area of R. maximum (Figure 3d ).
Sapling Species Composition
NMDS for the sapling stratum with two axes reached a convergent solution after 70 runs with a final stress of 0.152 and a linear R 2 of 0.928. Pre-HWA T. canadensis IV (R 2 = 0.20, p = 0.003), RAD (R 2 = 0.32, p = 0.001), and ecogroup (R 2 = 0.30, p = 0.001) were moderately correlated with sapling species composition (Figure 4a , Table 3 ). Elevation (R 2 = 0.10, p = 0.048), and slope (R 2 = 0.10, p = 0.046) exhibited weak, but significant, correlations within the sapling ordination. The mortality of T. canadensis drove shifts in sapling species composition, as evidenced by the large number of species associated with pre-HWA T. canadensis IV. Plots that experienced the greatest change in sapling stratum composition exhibited shifts in composition towards greater relative densities of early-mid seral tree species that were positively correlated with pre-HWA T. canadensis IV, including Liriodendron tulipifera (tulip poplar), P. serotina, B. lenta, and Quercus velutina (black oak), and shrub-layer species, such as Rubus spp., and Vaccinium corymbosum (highbush blueberry,) that tend to increase in abundance with increasing light availability (Figure 4a ). However, later seral species that often co-occur with T. canadensis, such as Acer saccharum, H. tetraptera, and Ilex opaca (American holly) also displayed strong positive correlations with pre-HWA T. canadensis IV (Figure 4a ), suggesting persistence of advanced regeneration in the post-HWA understory. The mortality of T. canadensis drove shifts in sapling species composition, as evidenced by the large number of species associated with pre-HWA T. canadensis IV. Plots that experienced the greatest change in sapling stratum composition exhibited shifts in composition towards greater relative densities of early-mid seral tree species that were positively correlated with pre-HWA T. canadensis IV, including Liriodendron tulipifera (tulip poplar), P. serotina, B. lenta, and Quercus velutina (black oak), and shrub-layer species, such as Rubus spp., and Vaccinium corymbosum (highbush blueberry,) that tend to increase in abundance with increasing light availability (Figure 4a ). However, later seral species that often co-occur with T. canadensis, such as Acer saccharum, H. tetraptera, and Ilex opaca (American holly) also displayed strong positive correlations with pre-HWA T. canadensis IV (Figure  4a ), suggesting persistence of advanced regeneration in the post-HWA understory. According to successional vectors, composition changes in the sapling stratum were relatively unidirectional; however, the magnitudes of the changes differed among plots (Figure 3b ). Plots with greater pre-HWA T. canadensis IV experienced greater changes in sapling species composition (Figure 3c ). Acid cove plots, which had the lowest IV of T. canadensis prior to HWA ( Figure 2 ) of any ecogroup, experienced the least compositional change of any ecogroup (Figure 4b ). Plots with greater R. maximum BA experienced less change in the sapling layer than did plots with lower R. maximum BA (Figure 4d ).
Seedling Species Diversity
Seedling species richness differed based on a three-way interaction of year, ecogroup, and R. maximum BA (F = 2.70, p = 0.049, Figure 5a ; Tables 4 and 5 ). Seedling species richness increased between 2003 to 2017 at low values of R. maximum BA and declined at high values of R. maximum BA (Figure 5b ). Post-hoc comparisons between years and across ecogroups revealed that seedling species richness was significantly greater on hemlock plots in 2017 than northern hardwood plots in both 2003 (p = 0.014) and 2017 (p = 0.013), and was significantly greater on montane oak-hickory plots in 2017 than northern hardwood plots in both 2003 (p = 0.036) and 2017 (p = 0.033; Figure 5a , Table 4 ). Changes between 2003 and 2017 in seedling species evenness varied among ecogroups depending on year (F = 3.20, p = 0.022; Tables 4 and 5) ; however, post-hoc comparisons did not reveal significant differences. Additionally, these results failed to meet the assumption of normality of error, and therefore results should be interpreted cautiously. Seedling species diversity differed among ecogroup (F = 2.66, p = 0.045, Tables 4 and 5) ; however, post-hoc comparisons did not reveal any significant differences between ecogroups. Seedling species diversity also declined with increasing R. maximum BA, however, the relationship was not significant (F = 4.15, p = 0.052).
Sapling Species Diversity
Sapling species diversity significantly increased between 2003 and 2017 (F = 12.99, p = 0.001), but declined with increasing R. maximum BA (F = 34.54, p > 0.001; Tables 4 and 5 ). Sapling species richness differed based on a three-way interaction of year, ecogroup, and R. maximum BA (F = 6.86, p = 0.0006; Figure 6a (Figure 6b ). Post-hoc comparisons between years and across ecogroups indicated that sapling species richness was significantly greater on hemlock plots in 2003 than northern hardwood plots in both 2003 and 2017 (2003: p = 0.033, 2017: p =0.033; Figure 6a , Table 3 ). Sapling species evenness differed between 2003 and 2017; however, changes varied with ecogroup (F = 3.87, p = 0.009, Figure 6c , Table 4 ), and post-hoc comparisons revealed a significant increase in species evenness between 2003 and 2017 on treated plots (p = 0.006). Sapling species evenness declined with increasing R. maximum BA (F = 39.69, p < 0.001; Table 4 ). 
Discussion
Over 15 years have passed since HWA was first discovered within Great Smoky Mountains National Park [26] . While treated T. canadensis trees survive within conservation areas, we observed few surviving trees outside of these areas, and those that were alive showed obvious signs of decline. Simulations predict that only two percent of initial T. canadensis BA will survive HWA, and the hemlock forest type will be effectively lost within 20 years after the introduction of HWA to the central Appalachians [28] . The near complete mortality of T. canadensis we observed supports this prediction in the southern Appalachians as well.
Prior to the arrival of HWA, T. canadensis was a dominant or co-dominant species in four forest ecogroups across the park (Montane Alluvial Forests, Cove Forests, Hemlock Forests, and Spruce-Fir Forests; [32] ), and the loss of this foundation species has begun to alter forest communities. When initially resampled in 2008/2009, the health of T. canadensis trees had declined across all ecogroups, however, changes across the seedling and sapling strata of the forest were not yet evident [27, 29] . Given the extended time that has passed since invasion, near complete mortality of T. canadensis trees, and resulting changes in the microclimate [21, 23, 29, 30, [49] [50] [51] , we were able to document changes occurring in the forest communities where T. canadensis was an important component.
Plots with lower BA of R. maximum and greater pre-HWA T. canadensis IV experienced greater compositional change between sampling intervals as predicted, supporting the hypothesis that the ericaceous shrub R. maximum buffers change in forest understories ( [27, 30, 52] , Figures 2 and 3 ). In the sapling stratum, these changes were largely unidirectional, and ecogroups tended to converge in composition. Typically, hardwood species regeneration is low beneath dense thickets of R. maximum due to the effects of the shrub on light levels, soil nutrients, water availability, microclimate, and the soil seed bank [31, [53] [54] [55] [56] [57] . Our results demonstrate this trend across both woody strata, as measures of diversity tended to be lower on plots with greater BA of R. maximum (Figures 4-6 , Table 3 ). Additionally, few species in the seedling strata were found in these areas (Figure 2a,b) .
Rhododendron maximum typically occurs along streams in the southern Appalachians, and has been observed to spread following canopy disturbances. Several studies have documented the expansion of R. maximum following the loss of C. dentata in the 1930s as a result of chestnut blight and large-scale logging [31, 55, 58, 59] . While we did not document increased BA of R. maximum across our study area as a whole, plots with less than 0.3 m 2 /ha R. maximum in 2003 saw a 160% increase in total R. maximum percent cover in the herbaceous layer (<0.5 m) and a mean increase of 86% in cover in the understory (0.5-4.99 m above the ground; Great Smoky Mountains National Park unpublished data). Additionally, increased growth of R. maximum was documented in riparian forests of the Coweeta Basin of the southern Appalachians following HWA-induced T. canadensis mortality [30] . The disturbance-driven expansion of R. maximum may suppress woody regeneration and cause the conversion of some forests into treeless thickets of R. maximum, a condition similar to ericaceous-shrub-dominated heath balds that occur at higher elevations [27, 30, 31] . Quantifying R. maximum is challenging due to its branching form and extreme density, and further study using techniques such as remote sensing may be able to provide greater insight into possible expansion of R. maximum in GSMNP following HWA infestation. Where R. maximum did not form dense thickets, changes in the microclimate following HWA infestation, particularly during leaf-off periods for deciduous species, tend to be more pronounced [30] . In our study, plots with lower R. maximum BA tended to exhibit greater community change in the seedling and sapling strata, with composition shifting towards early seral deciduous species (Figure 3b,d and Figure 4b,d ).
In our ordination analyses, the relative densities of many deciduous species were strongly correlated with a topographically derived variable (total potential incident radiation), as well as several edaphic variables (pH, CEC, ppm K, ppm Mg, and percent soil organic matter). This supports our hypotheses that these variables underlay the distribution of woody regeneration on sites where R. maximum is less dominant and mortality of T. canadensis increased the availability of light and other resources. Topographic variables are often strongly related to the distribution of woody species regeneration following overstory disturbance in forest regions without a pervasive shrub layer [60] [61] [62] . In addition, an ordination analysis by Elliott and Knoepp [63] found that edaphic variables, including CEC, ppm Mg, and ppm K, were strongly correlated with the distribution of woody species regeneration after harvest operations reduced overstory cover and the abundance of the dominant shrub species. In our study, fewer species were associated with edaphic variables than with vegetation variables. However, A. flava, E. americanus, and Rubus spp. were associated with edaphic variables in both the seedling and sapling strata, suggesting that edaphic conditions may favor certain species during post-HWA succession.
While understory woody species composition (seedling and sapling strata) was strongly correlated with pre-HWA T. canadensis IV and R. maximum BA, and shifts in understory composition appear to be driven by them, the loss T. canadensis in the overstory did not result in corresponding large changes in the importance of other overstory species. It is likely that large-scale changes in composition have not yet reached the overstory and changes more strongly correlated with pre-HWA T. canadensis IV and R. maximum BA will occur as stems currently in the sapling layer and subcanopy recruit into the overstory. Individual species, however, including B. alleghaniensis, B. lenta, and A. rubrum, did exhibit increased overstory importance, and likely exhibited lateral growth of co-dominant and intermediate trees, as was predicted by earlier work [27] and observed in subsequent studies ( [30] , Table 2 ). Although composition was variable across ecogroups, these three hardwood species generally increased in abundance in the sapling layers of our plots following T. canadensis mortality. In areas that lack a dense R. maximum understory, therefore, we predict that overstory composition will continue to shift towards mixed hardwood composition, similar to areas infested earlier by HWA, and B. alleghaniensis, B. lenta, and A. rubrum will continue to increase in importance across ecogroups [24, 30] .
Both field and modeling studies have demonstrated that successional pathways resulting from the loss of T. canadensis are determined by multiple biotic and abiotic factors, making them difficult to predict [16, 30, 52, 64] . Continued monitoring, therefore, is necessary to understand how these forests will continue to change with the functional extinction of T. canadensis. The species that ultimately fill the compositional voids created by the loss T. canadensis will, in turn, influence important ecological processes, such as nutrient cycling, microclimate control, and water use [50, 52, 56, [65] [66] [67] .
While areas with dense R. maximum populations may see less change, areas where hardwood species become dominant will likely see increased rates of nitrogen cycling rates and decreased rates of transpiration [49, [68] [69] [70] [71] .
HWA will likely not be the last invasive insect or pathogen to reach the southern Appalachian Mountains [4, 8] . While chemical treatment and biocontrol options are available for many invasive species such as HWA, large forested areas, such as GSMNP, are unable to rely on their widespread use, making changes to forest communities inevitable. Understanding how forest communities change in response to the loss of T. canadensis will help managers better predict future changes driven by the next invasive threat, as well as understand how wide-spread synchronous tree mortality and gap formation may affect successional patterns in the southern Appalachian Mountains.
